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10.1 Overview

Fragmentation poses one of the greatest threats to freshwater fish biodiversity (Nilsson et al.,
2005; Liermann et al., 2012). Whereas damming of large rivers is perhaps the most obvious form
of fragmentation (e.g., Nilsson et al., 2005), smaller, semi-permeable barriers such as road
crossings (Perkin and Gido, 2012) or water withdrawals that dry sections of a river network
(Falke et al., 2011) are also pose a conservation challenge. In glacial regions, lakes that are
naturally connected through waterways are increasingly being isolated by summer evaporation
and groundwater loss (Baki et al., 2012). Climate and land use changes also isolate populations
in headwater reaches by increasing temperatures (Rahel et al., 1996) or drying of streams (Falke
et al., 2011) in downstream reaches. Finally, barriers can form when the occurrence of a species,
such as a large predator, inhibits the movement of prey through a dispersal corridor (Fraser et al.,
1995). This severing of connectivity in aquatic habitats affects species persistence through
multiple stressors (Olden chapter; Matthaei and Lange chapter) including limiting dispersal
necessary to fulfil important life stages, exacerbating negative species interactions, and inhibiting
recolonization following disturbance. Barriers to movement isolate small populations leading to
reduced genetic diversity (Ketmaier and Bianco chapter) and potentially compromise long-term
population persistence (e.g., Wooford et al., 2005).



31
32
33
34
35
36
37
38
39
40
41
42
43
44
45
46
47
48
49
50
51
52
53
54
55
56
57
58
59
60
61

In this chapter, we discuss how fragmentation disrupts dispersal and migration of freshwater
fishes and the long-term consequences for population diversity and stability. We begin with a
global overview of the problem followed by a review of theoretical and empirical methods for
quantifying the effects of fragmentation on population viability. We conclude with a discussion
of conservation challenges along with future research and management recommendations. The
primary tenet of our review is that persistence of species in fragmented systems is dependent on
the nature of barriers to dispersal and ecological traits of species, particularly their ability to
complete critical life history stages within fragmented habitats (Figure 10.1). We often refer to
the terms fragmentation, isolation and connectivity. Whereas there are instances where these
might be used interchangeably, we consider fragmentation to represent habitats that have been
partitioned into smaller habitats and by extension result in smaller populations. The terms
connectivity and isolation refer to the ability or lack of ability, respectively, of fishes to disperse

into or out of particular habitats.

10.2 Fragmentation of large rivers, streams and lakes

Fragmentation of large rivers is linked to declining biodiversity, but it is often difficult to
separate the effects of fragmentation with concurrent alterations to river flow and other abiotic
factors (e.g., temperature regimes, geomorphology). Barriers on large rivers range from reservoir
dams 10s of meters high to water diversion structures less than 1m high. Damming of rivers is a
relatively recent phenomenon, in that most large impoundments are less than 100 years old, with
most dams constructed since the 1950s (World Commission on Dams, 2000; Olden chapter).
Regardless, there have been massive declines in large river fishes that require long-distance
dispersal (Mclintyre chapter). Most notably are diadromous fishes (e.g., salmonids, eels,
lampreys, striped bass), because barriers on large rivers inhibit movement between critical
spawning, rearing, and adult foraging habitats. Potadromous fishes (e.qg., sturgeon, suckers) that
move considerable distances within freshwater are similarly affected by fragmentation. Mature
adults of both diadromous and potadromous fishes typically move upstream to spawn while early
life stages either passively (e.g., pelagic eggs and larvae) or actively (e.g., smolt) move
downstream. Dams on large rivers are typically impassable to fishes at all life stages in the

upstream direction unless specifically designed to allow passage. Downstream movement at
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some or all life stages (i.e., drifting eggs and larvae, juveniles, adults) is more likely, albeit with
increased mortality that is dependent on the outflow structure (Coutant and Whitney, 2000;
Agostinho et al., 2007). Reservoirs also create barriers to dispersal that inhibit movement among
tributaries entering a single reservoir (Falke and Gido, 2006; Franssen, 2012; Hudman and Gido,
2013), and there are numerous examples of species extirpations upstream of impoundments (e.g.,
Winston et al., 1991; Matthews and Marsh-Matthews, 2007). Another consequence of dams and
other water management practices is that many large rivers have been disconnected from their
floodplains, which provide vital habitats for many species of fish (e.g., Welcomme, 1979;
Goulding, 1980; Lowe-McConnell, 1987; Kingsford 2000). The construction of levees,
channelization of rivers for barge passage, and altered flow regimes are all culprits in reducing or
eliminating lateral connectivity to off-channel habitats. Just as in-stream obstructions limit access
to vital spawning habitats, reduced lateral connectivity with off-channel habitats has restricted
the recruitment of many large river species (e.g., Quist and Spiegel, 2012; Winemiller et al.

chapter).

Human engineered barriers in small streams are typically represented by road crossings and
diversion structures. Natural barriers that impede dispersal such as waterfalls, beaver dams, dry
stream reaches, and unsuitable meso-habitats are also common (Roberts and Angermeier, 2007).
Like larger river barriers, obstructions in smaller systems can completely eliminate dispersal,
but others are semi-permeable and allow passage (up- or downstream) under periods of high
flow. Effects of semi-permeable barriers are much harder to predict (Norman et al., 2009;
Anderson et al., 2012). Extinctions caused by abiotic (drying) or biotic (predation) factors
should be higher in small streams than large rivers because the habitat volume is lower
(Horwitz, 1978; Schlosser, 1982). Barriers in small streams will limit recolonization dynamics if
populations are extirpated in these hydrological dynamic reaches above barriers (Winston et al.,
1991; Luttrell et al., 1999). Although not as well quantified, food web interactions might also
intensify in small isolated habitats if densities are high and prey refugia are lacking, particularly
during periods of drought (Magoulick and Kobza, 2003; Creed, 2006).

Natural lakes, primarily those connected by seepage streams, are also threatened by

fragmentation. Research in such lakes provides strong evidence for the role of fragmentation in
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structuring fish communities (e.g., Tonn and Magnuson, 1982; Tonn et al., 1990; Hershey et al.,
1999; Olden et al., 2001). Tonn and Magnuson (1982) demonstrated that piscivorous fish were
only present in lakes with low winter dissolved oxygen concentrations if those lakes maintained
connectivity to refugia lakes and, if present, piscivores limited the occurrence of prey species.
Englund et al. (2009) found similar trade-offs between abiotic conditions and presence of
predators for isolated lakes in Sweden. Olden et al. (2001) further showed that fishes in isolated
seepage lakes (i.e., large distances from potential sources) were more susceptible to local
extinction and recolonization rates were slower than in more connected lakes. These studies
illustrate how lake isolation alters fish community structure through either abiotic (low dissolved
oxygen) or biotic (predation) disturbances. Moreover, there appears to be a trade-off between the
presence of refugia habitat for predators and the presence and diversity of prey fishes and other
aquatic organisms. For example, Scheffer et al. (2006) reviewed the association between
isolation and diversity of a variety of plants and animals and found that lake isolation limits fish

diversity but increases diversity of other plants and animal taxa (e.g., amphibians and insects).

In summary, fish communities have typically evolved in a network of highly connected habitats,
with the exception of headwater species in habitats isolated by natural waterfalls or ephemeral
stream reaches. Stochastic environmental conditions associated with climate are more likely to
structure fish communities rather than biotic interactions in lotic systems (Grossman et al.,
1982). Fragmentation not only reduces habitat availability, but isolates populations that
historically dispersed over much greater distances and may increase the chances and intensity of
biotic interactions. Alternatively, species that evolved in lentic systems have adapted in more
isolated and potentially under more intense biotic interactions than fishes in lotic systems
(Jackson et al., 2001). Increasing isolation of lakes should have the greatest impact on small,
shallow lakes that are connected to other lakes, but other anthropogenic activities such as non-

native species or eutrophication are potentially of greater concern for resident lake species.

10.3 Conceptual framework for understanding fragmentation effects on fishes

The basic principles of Island Biogeography Theory (MacArthur and Wilson, 1967) elegantly
describe how dividing populations into smaller, more-isolated habitats results in higher rates of
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extinction and less opportunity for colonization. These principles can be applied to naturally
isolated lakes or river basins, as evidenced by the strong relationship between freshwater fish
diversity and habitat area (Eadie and Keast, 1984; Hugueny et al., 2011). However, diversity-
area relationships result from both extinction and speciation events occurring over evolutionary
time (Smith, 1981), while human-engineered fragmentation occurs over much shorter time
scales. Thus, mechanisms for reductions in diversity might differ between natural and human-
influenced fragmentation of habitats. Moreover, if barriers restrict but do not eliminate
movement, reductions in diversity and abundance may not be evident due to a threshold
response, or there will be lags in the response to fragmentation (Branco et al., 2012). A
mechanistic understanding of declining fish abundance and diversity in fragmented habitats
begins by recognizing that rates of decline are influenced by extrinsic (e.g., barrier type,
disturbance regime) as well as intrinsic (e.g., life history traits of species) properties of a system
(Figure 10.1). When these factors limit dispersal and recolonization, smaller populations become
increasingly susceptible to extinction. This “extinction vortex” (Gilpin and Soulé, 1986) is
exacerbated by an increase in genetic drift, a corresponding decrease in genetic variance and
increase in genetic load (i.e., fewer individuals in the population are near optimal fitness), and

concomitant reductions in population viability (Gaggiotti, 2003).

10.3.1 Intrinsic factors influencing fragmentation

Metapopulation theory (Levins, 1969) also provides a mechanistic framework for assessing the
consequences of fragmentation. Most freshwater fish populations do not establish the theoretical
balance between genetic drift and gene flow because they fluctuate in local abundance and
periodically go extinct in response to environmental fluctuations or other factors. Nevertheless,
numerous studies invoke a metapopulation framework to conceptualize the dynamics of
freshwater fishes (e.g., Fagan, 2002; Falke and Fausch, 2010). In metapopulation theory, local
extinction is balanced by recolonization and the genetic outcome depends on the genetic
characteristics of the colonists (Whitlock and McCauley, 1990). For example, if colonists come
as many propagules from a number of upstream localities to a downstream confluence (as in a
dendritic model with mass effects) we would expect the newly colonized population to have

higher genetic diversity, on average, than any one donor population (Morrissey and deKerchove,
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2009). Conversely, if colonists come from a single, geographically adjacent locality, then we
might expect lowered genetic diversity, on average, compared to remaining populations within
the stream network. In general, the number of colonists and the number of distinct populations
from which they originate determines overall genetic diversity under a metapopulation model
with extinction and recolonization (Slatkin, 1985; Whitlock and McCauley, 1990). When the
pool of colonists is restricted, theory predicts that fragmentation will lower genetic diversity for
the entire metapopulation roughly proportional to the extent that barrier placement limits the
geographic scope (and genetic diversity) of the colonist pool.

Because the most significant human-mediated fragmentation events occurred within the last
century, genetic drift, gene flow, and natural selection should be more important forces than
mutation as agents of change of genetic diversity on a recently fragmented riverscape. This is
because mutation can take thousands of years to appreciably alter gene frequencies. If mutation
can be safely ignored, genetic drift will reduce heterozygosity and genetic diversity at a rate that
is inversely proportional to the population (census) size that has become completely isolated (i.e.,
closed to migration and gene flow) due to fragmentation. Thus, for a small population, detectable
changes in allele frequencies will arise in a few generations, but in a very large population it may

take hundreds of generations for reductions in diversity to be detectable.

Life-history and behavioral traits of species are useful in predicting their sensitivity to
fragmentation. Species with complex life cycles requiring dispersal from rearing, feeding and
spawning habitats, are highly sensitive to fragmentation (e.g., Rieman and Dunham, 2000;
Morita and Yamamoto, 2002; Closs et al., chapter; Mclintyre et al., chapter). A common
phenomena of stream fish is that individuals within a populations tend to either be resident or
migrant (e.g., Gowan et al., 1994; Skalski and Gilliam, 2000; Rodriguez, 2002). Salmonids
provide examples of populations with dual movement strategies, and not surprisingly,
fragmentation selects for resident forms at the expense of migratory forms (e.g., Morita and
Yamamoto, 2002). By contrast, Humphries et al. (1999) proposed the ‘low flow recruitment
hypothesis’ and noted that some species of large-river fishes are capable of sustaining
populations in systems that have been disconnected from floodplain habitats. Body size might

also be a predictor of species sensitivity to fragmentation. Blanchet et al. (2010) found that fish



186
187
188
189
190
191
192
193
194
195
196
197
198
199
200
201
202
203
204
205
206
207
208
209
210
211
212
213
214
215

with large and intermediate body size lost genetic diversity to drift more rapidly than small-
bodied species following human-induced fragmentation. They acknowledged that body size, per
se, may not be the only trait responsible for fragmentation sensitivity, but it may correlate with
numerous other vital ecological traits such as movement behavior and feeding ecology. Other
species with reproductive strategies requiring that eggs and larvae drift for an extended period of
time also are sensitive to fragmentation (e.g., Dudley and Platania, 2007). Whereas many
rheophilic (flowing water) specialists decline in fragmented rivers, fragmentation has less
influence on eurytopic (generalist) species and limnophilic (standing water) specialists (Musil et
al., 2012). It is not surprising that some species persist in fragmented habitats because most
fragments are large relative to the home range of those species and can support large populations
(e.g., Reid et al., 2008; Hudman and Gido, 2013).

10.3.2 Extrinsic factors influencing fragmentation

Extrinsic factors such as the disturbance regime of the system, fragment size, or barrier
permeability influence population responses to fragmentation. Adverse effects on fish
communities are more likely to occur in small fragments isolated with impermeable barriers in
systems with frequent disturbance events. In river systems, species are likely to have different
thresholds for the size of river fragments in which they can persist. For example, pelagic-
broadcast spawning fishes in the Great Plains, USA appear to need > 100 river kilometres (rkm),
but some species may require up to 300 rkm to persist (Perkin and Gido, 2011). This is in
contrast to some benthic-dwelling fish where movement is restricted to < 5 km (e.g., Lamphere
and Blum, 2012). Increasing the number of river obstacles, which also reduces fragment sizes
and the probability of passage, was found to have a negative effect on young of year fishes in
European rivers (Musil et al., 2012). However, when barriers allow some movement both up and
downstream of the structure (i.e., through fishways), there can be limited influence on population
genetic structure (e.g., Reid et al., 2008). Understanding the link between intrinsic and extrinsic
properties of freshwater systems is clearly necessary to predict species responses to

fragmentation.
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In a fragmented system consisting of two populations of equal population size, the overall
restorative effect of gene flow depends on barrier permeability, the prevailing direction of
migration (e.g., whether symmetric or asymmetric), and species-specific life history features that
influence vagility and migration rates between populations (e.g., body size, egg size, fecundity).
In Figure 10.2, we present a conceptual model that is an extension of that presented in Figure
10.1 to develop predictions for the relative importance of genetic drift, gene flow, and natural
selection, as a function of fragment size and barrier permeability. This model assumes that a
hypothetical focal population is continuously and uniformly distributed in space, and then is
fragmented by a barrier into two subpopulations. Additionally, we assume that all individuals
complete their life histories in the fragmented subpopulations and are otherwise “idealized” as
described in standard population genetic models (i.e., sex ratio equal, Poisson variance in
reproductive success, random union of gametes, etc. — this means that population size (N) and Ne
are equal). Thus, the model only explicitly considers extrinsic effects on genetic diversity. Under
conditions of uniform distribution, fragment size relates directly to the effective population size
(Ne) and predicts the response to genetic drift. Barrier permeability relates to the probability that
migrants are exchanged between subpopulations, and that they breed in the recipient population.
To facilitate discussion, we identified four quadrants with different general responses to
fragment size and permeability. Quadrant one represents small and isolated fragments, where
genetic drift is predicted to be the overriding force that changes allele frequencies each
generation. At extremely small values, inbreeding effects on viability are highly likely. In
quadrant 2, migration is the most important factor that impinges on allele frequencies in a small
recipient subpopulation, and the overall effects depend on genetic characteristics of the
subpopulation from which migrants are derived. This is analogous to a source-sink dynamic
(e.g., Waits et al., 2008). Quadrant 3 represents isolated fragments that are large enough to
preclude strong negative effects on diversity from genetic drift. In this case, relatively small
selection coefficients may drive diversification across isolated fragments, depending on the
nature of selective gradients. Finally, quadrant 4 represents a case where large fragmented
subpopulations exchange many migrants through a barrier with high permeability.
Subpopulations would approach panmixia at extreme values. Diversifying selection would be
countered by high gene flow, but relatively small selection coefficients could drive purifying

selection under these conditions. Metapopulation persistence also decreases when dispersal
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opportunity in simulated riverscapes is reduced from bidirectional movement to only
unidirectional movement (Jager et al., 2001; Fagan, 2002), which frequently occurs when dams

limit dispersal to a downstream-only direction (Agostinho et al., 2007).

Our model is formulated to examine symmetric migration among subpopulations, but persistent
unidirectional downstream movement through a barrier promotes asymmetric gene flow. If gene
flow is strictly asymmetric, then the upstream population contributes and the downstream
population receives migrants each generation. With respect to our model, this puts the upstream
population in quadrants 1 or 3, with the effects of drift depending on fragment size alone, and the
recipient population in quadrants 2 or 4. Under these conditions, we would expect diminished
genetic diversity upstream versus downstream, all else being equal (Wares and Pringle, 2008).
Furthermore, there is potential for strong interactions of extrinsic and intrinsic factors in shaping
diversity across this simple landscape. For example, for fish species with drifting eggs or larvae,
barriers may magnify advective downstream losses of propagules thereby lowering genetic
diversity overall (Alo and Turner, 2005). Population models and empirical data suggest that
depletion of reproductive productivity by unidirectional advection can have species-wide impacts
on diversity (Wares and Pringle, 2008; Pringle et al., 2011). Lakes and ponds generally do not
have persistent unidirectional flow, but physical forces such as water convection and wind can
facilitate fish movement, and thereby affect gene flow rates and genetic diversity. Lakes could be
modelled using the two-subpopulation case with symmetrical migration, unless physical

transport forces facilitate asymmetrical movement.

10.4 Quantifying connectivity

A first step in understanding effects of fragmentation on freshwater fish communities is to
quantify the relationship between connectivity and genetic, population, and community structure.
Connectivity can generally be classified as structural or functional (Taylor et al., 1993).
Structural connectivity refers to physical properties of aquatic habitats that facilitate or inhibit
exchange among habitat units or patches. For example, structural connectivity includes
characteristics of a network such as distance between habitats and permeability of barriers to

movement. Functional connectivity represents the movement rates of materials or biota among
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habitats that influence ecosystem processes and community structure. The classic example of
functional connectivity in rivers comes from the River Continuum Concept (Vannote et al.,
1980), where ecosystem processes in upstream habitats cascade to influence downstream
habitats. Similarly, migration of fishes through a network of connected habitats might influence
ecological interactions such as predator-prey relations (Woodford and Mclntosh, 2010), transport
of nutrients (Flecker et al., 2010) and population genetic structure and evolutionary potential
(Morrissey and deKerchove, 2009). In this section, we review methods of quantifying structural
and functional connectivity, as well as reviewing current literature illustrating the strong

relationship between these aspects of connectivity.

10.4.1 Measuring structural connectivity

Efforts to quantify structural connectivity of freshwater habitats have expanded greatly in the
past two decades (Fullerton et al., 2010). Wiens (2002) conceptualized how principles of
landscape ecology could be integrated into stream networks, and emphasized the importance of
connectivity in mediating landscape processes. He and many others (e.g., Grant et al., 2007; Erds
et al., 2012) argued that streams and lakes can be dissected into a network of habitat patches with
differing degrees of connectivity. This framework allowed important advances in understanding
the constraints of fragmentation within aquatic systems, but there is still debate in how to
quantify patches and connections among patches. A succinct definition of a patch is difficult to
make because patches vary with life history traits and life stages of fishes (Schlosser and
Angermeier, 1995; Fullerton et al., 2010) and with scale of analysis (Frissel et al., 1986; Fausch
et al., 2002). In general, patches are defined as areas that are relatively homogeneous (in physical
structure or community composition) and differ from their immediate surroundings. However,
the degree to which a species (or life stage within a species) perceives heterogeneity is
determined by their temporal movement patterns and resource use. For freshwater systems,
patches in a riverscape have been defined from small microhabitats (e.g., grains of sand) up to
entire watersheds (Winemiller et al., 2010; Erés et al., 2012). For our consideration of
fragmented fish populations, relevant patch sizes range from discrete reaches (e.g., segments
between tributaries) of streams to entire watersheds or lakes. Key characteristics of patches that

are relevant to fragmentation include: size, distribution within the landscape, juxtaposition,

10
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diversity, duration, and physical processes that affect patch formation (Pringle et al., 1988).
Some patches are easily delimited, such as a series of lakes connected by streams. Boundaries
between patches in streams can be less distinct (e.g., longitudinal gradients in physicochemical
features) with some authors arguing that connections between patches, such as stream confluence
zones can, in themselves, provide important habitats or patches (e.g., Grant et al., 2007). Others,
for the ease of modelling, consider confluences as transition zones through which fishes simply
move to get to other patches (e.g., Erés et al., 2011). Finally, structural connectivity can be
naturally dynamic in some regions, including arid biomes where dewatering is a natural feature
of landscapes and acts to structure stream fish communities by altering functional connectivity
(Beatty et al., 2009; Jaeger and Olden, 2012; Rolls et al., 2012). Despite these complexities, most
would agree that aquatic systems have discrete boundaries (shoreline, stream confluences, etc.)
and can be partitioned into patches of discrete habitat. This approach has paved a way forward in

quantifying structural connectivity and developing indices of fragmentation.

Quantifying structural connectivity in aquatic habitats can range from simple linear arrangement
of habitat patches to complex networks of connected patches where patches and linkages vary in
quality. Assessing barriers to movement along a linear arrangement of patches is useful for
identifying small-scale movement patterns, such as pool-to-pool movement of stream fishes
(Roberts and Angermeier, 2007). Structural connectivity might also consider lateral connectivity
to floodplain or other off-channel habitats (Ward et al., 1999; Fullerton et al., 2010). More
complex patch-based spatial graphs were recently recognized as a useful approach to quantifying
structural connectivity among a series of connected patches including lakes and stream networks
(Erés et al., 2012). This approach is derived from graph theory where patches are nodes
connected by links, and graphs can be used to generate matrices that represent dispersal
probability between any patch in the network (Figure 10.3). In streams, graphs and associated
matrices can be refined to consider the hierarchical nature of stream networks including larger
segments (heterogeneous nodes) downstream and unidirectional flow (heterogeneous links)
among patches that might cause directional bias in dispersal (Grant et al., 2007; Grant, 2011,
Erés et al., 2012). Incorporating fragmentation is done by increasing the resistance (i.e.,
decreasing transition probabilities) to dispersal among patches (Padgham and Webb, 2010;

Perkin et al., 2013a). Other, related approaches include circuit theory that attempts to quantify

11
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and visualize structural (and functional) connectivity among patches (McRae et al., 2008). This
approach considers the analogous use of resistance (barriers), current (dispersal rate) and voltage
(genetic difference among populations) to describe movement of individuals (and genes) among
habitat patches. Other measures and approaches are reviewed in Storfer et al. (2010).

Patch-based spatial graphs and resulting matrices allow quantification of structural connectivity
of patches. Complemented with indices of habitat availability, graph or network based analyses
can be used to indicate the level of fragmentation within hierarchically structured aquatic
systems and help prioritize systems based on structural connectivity. An example of a simple
index of longitudinal connectivity in a stream network is provided by Cote et al. (2009). Their
dendritic connectivity index (DCI) includes dividing the total stream network length into sections
isolated by barriers and computing a weighted average of connectivity within and among all
sections. The DCI can be adapted to represent life histories for diadromous fishes (requiring
connectivity to the ocean) and potamodromous fishes (requiring connectivity throughout a
watershed), and in both cases produces a value of 100 in the absence of fragmentation (i.e.,
complete natural connectivity) that declines toward zero based on the number, placement and
permeability of barriers. A greater DCI value corresponds with isolation of a smaller fraction of
the riverscape. Though a potential criticism of the DCI is that assignment of a static value of
permeability is unrealistic because barrier permeability is generally temporally dynamic,
approaches for measuring dynamic permeability have recently been developed (Bourne et al.,
2011; Anderson et al., 2012) and empirical evidence suggests this is an informative measure of
structural connectivity (e.g., Perkin and Gido, 2012). The DCI and related measures of
longitudinal connectivity can be employed to evaluate cost-benefit approaches to assessing
fragmentation and reconnecting habitats (O’Hanley and Tomberlin, 2005). In such approaches,
the cost of removing or modifying a barrier to allow passage is weighed against a set budget as
well as the potential gain in habitat, measured as the longitudinal length of stream reconnected
following barrier removal (Kemp and O’Hanley, 2010; O’Hanley, 2011; O’Hanley et al., 2013).
With such advances has come an increasing recognition of the importance of assigning
ecologically relevant permeability to individual barriers because highly permeable barriers might
not block fish movement (Pepino et al., 2012) and existing methods for measuring permeability

might not represent interpretations by fishes (Mahlum et al., 2014).
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10.4.2 Measuring functional connectivity

In most cases, quantifying structural connectivity is used to infer functional connectivity, but
does not guarantee functional connectivity. Thus associating a break in structural connectivity
with either direct observations of dispersal of individuals or indirect measures of connectivity
that infer dispersal through analysis of spatial variation in genetic, population or community
structure analysis. Arguably the best approach to directly measure functional connectivity among
fish populations or communities is through the marking or tracking of individuals throughout a
network of habitat patches (e.g., Warren and Pardew, 1998). Unfortunately, this can be labor
intensive and tracking movement of small individuals is difficult because of tag-size limitations,
increased handling stress, as well as sheer abundance and low survivorship, which requires large
numbers to be tagged to assure adequate number of recaptured fishes. Coarse approximation of
functional connectivity can be assessed with some indirect methods. For example, analyses of
spatial autocorrelation (e.g. distance-decay relationships) of species abundance or community
structure after statistically removing environmental effects can provide indirect evidence of
connectivity, in that species demonstrating greater spatial autocorrelation are inferred to be more
connected (Olden et al., 2001; Hitt and Angermeier, 2008; Shurin et al., 2009). A promising
approach to evaluate functional connectivity, which is not constrained by the size of the study
organism, is through the use of population genetics.

Population geneticists have developed a suite of indices, focused predominantly on genetic
dissimilarity or Bayesian assignment tests, to infer functional connectivity across distinct
localities in a network of stream or lake sampling localities. The traditional and most widely used
metric is Fst that is usually computed pairwise among populations to yield a symmetrical matrix
of genetic distance. Wright’s (1978) approximation is used to convert Fst to Nem, which is the
product of the genetic effective population size (N¢) and the per-generation migration rate (m).
More recently developed metrics, based on Approximate Bayesian Computation (ABC)
procedures (e.g., BAYESASS [Wilson and Rannala, 2003], BAPS [Corander et al., 2004],
GENECLASS? [Piry et al., 2004]) allow indirect estimation of the fraction of genotypes

assigned as migrants, m (where m;; # m;;), at each locality (where values of m;; comprise the
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elements of the migration matrix, M). In this case, ABC approaches allow estimation of
asymmetric migration (e.g., Fraser et al., 2007). Once a pairwise matrix is determined,
landscape genetics approaches (Manel et al., 2003; Mullen et al., 2010) are used to evaluate the
relationship of the Fst or migration matrix (M) and abiotic and biotic features of the stream

network.

A main challenge to using genetic methods for estimation of functional connectivity is that
classical population genetics theory (e.g., Wright, 1939) is based on an assumption that spatial
and temporal patterns of genetic variation are shaped by the interplay of genetic drift, migration,
and selection that are in equilibrium with respect to each other. In other words, classical theory
assumes that all populations are stable in size, persistent in time, and connected by migration that
occurs at a constant rate. This assumption is clearly violated in metapopulations that are subject
to local extinction and recolonization. However, metapopulation theory that accounts for non-
equilibrium dynamics has been well developed over the last 40 years and ABC approaches
permit interpretation in an array of populations where extinction and recolonization are
important. For populations that fluctuate in size, sampling the same localities across time steps
also permits evaluation of temporal genetic stability in terms of variance in effective population
size and migration rates (Wang and Whitlock, 2003). Parameters estimated via temporal
approaches are based on allele frequency changes between time steps and give contemporary
rather than historical insight into processes that shape allele frequencies (Waples, 1989).
Historical drainage connectivity can override modern connectivity and affect estimates of Fsr,
Nem, and m based on genetic data (Poissant et al., 2005; Turner and Robison, 2006; Sterling et
al., 2012). Given some of the problems with using genetic data alone to estimate connectivity
and that genetic data can only measure connectivity following the successful reproduction of
individuals, it is prudent to conduct simultaneous ecological and genetic studies (Lowe and
Allendorf, 2010). Ecological and genetic approaches are highly complementary because they
(can) use the same currency (e.g., abundance and effective population sizes, dispersal and
effective migration rate, respectively) and together give insights into processes that drive

distribution and abundance on the landscape that neither approach can offer alone.

10.4.3 Linking structural and functional connectivity
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Not surprisingly there is strong evidence to support the link between structural connectivity and
changes in functional connectivity. Dams and the associated impoundments have caused the
decline of fishes including salmonids (Morita and Yamamoto, 2002), cyprinids (Winston et al.,
1991), catostomids (Catalano et al., 2007), and many others. Fishes inhabiting stream segments
isolated upstream of reservoirs have unique genetic structure (Hudman and Gido, 2013),
including alterations to phenotypic expression, suggesting evolutionary (i.e., adaption to novel
environments) consequences of fragmentation (Hass et al., 2010; Franssen, 2012; Sterling et al.,
2012). Consequently, increased attention is being devoted toward understanding the ecological
effects of attenuated structural connectivity (Fullerton et al., 2010). Based on recent works, it is
clear that the size and isolation of stream fragments created by in-stream barriers have important
consequences for stream fish community structure, but these responses can be linear or non-
linear (Figure 10.4). For example, Bain and Wine (2010) found a linear relationship between
stream fragment length and species richness in highly fragmented streams of New York (Figure
10.4A), and a threshold-like response in brook trout extirpation among small fragments.
Similarly, Perkin and Gido (2011) documented threshold responses in extirpation of multiple
cyprinids among smaller stream fragments distributed throughout the Great Plains (Figure
10.4B). In terms of fragment isolation, Pepino et al. (2012) found a linear decline in fish
dispersal as road-stream culvert permeability declined (Figure 10.4C), whereas Neary (2012)
reviewed the use of fish passage models such as exhaustion-threshold curves to evaluate road-

stream permeability (Figure 10.4D).

Results such as those presented in Figure 10.4 suggest stream fish communities respond to the
combined effects of the number, placement, and permeability of barriers distributed throughout a
watershed. In general, we expect genetic structure to be the most responsive to barrier
permeability, whereas population and community dynamics likely respond to both permeability
and fragmentation (Figure 10.5). Thus community or population responses to fragmentation are
generally strongest among watersheds characterized by many barriers with low permeability, in
turn creating a large number of small stream fragments (Figure 10.5A). Under this scenario, any
level of fragmentation by barriers with decreased permeability (relative to a natural stream

channel) will elicit a response of the fish community, but the response will depend on the
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magnitude of alteration. However, given the hierarchical organization of patches in steam
networks, emergent properties such as threshold responses to fragment size or barrier
permeability are common in fragmented riverscapes (discussed earlier; Grant et al., 2007; Perkin
et al., 2013a). Such threshold patterns associated with fragment size (Figure 10.5B) and barrier
permeability (Figure 10.5C) can result in responses of greater magnitude than expected based on
the number of barriers alone. Examples of thresholds for barrier permeability might include the
migration of a small number of individuals necessary to rescue genetic diversity; whereas,
thresholds for fragment size might occur for species with pelagic eggs (e.g., Leslie et al., 1982)
that require minimum length of stream for successful reproduction. In reality, the synergistic
effects of threshold responses to both fragment size and barrier permeability contribute to
community and population responses that are not predicted by the presence or number of barriers
alone (Figure 10.5D). The latter scenario suggests many populations or communities will persist
under low to moderate levels of fragmentation, but the nature of the response will depend on
how traits of species of interest interact with the number, placement, and permeability of barriers
(Branco et al., 2012; Pepino et al., 2012; Perkin et al., 2013a).

10.5 Modelling responses to fragmentation

More detailed and realistic modelling exercises are helpful in understanding metapopulation
persistence, genetic structure, and gene flow, and the interactions of intrinsic and extrinsic forces
that shape organism and community responses to fragmentation. Using metapopulation models,
Fagan (2002) revealed that fragmentation has fundamentally different consequences for
bifurcating dendritic networks compared to systems with linear geometries (e.g., only
considering the mainstem of a large river), in that multiple fragmentation events in a dendritic
network produced a greater number of small fragments. This result has drastic consequences for
the persistence of fish metapopulations in dendritic river systems, because extinction risk
increases as fragment (and presumably population) size decreases (Lande, 1993). The influence
of fragment size on population persistence was further illustrated by the theoretical studies of
Jager et al. (2001) and Morita and Yokota (2002) that investigated the influence of fragmentation
and fragment size on white sturgeon (Acipenser transmontanus) and white-spotted charr

(Salvelinus leucomaenis), respectively. These studies showed that decreasing fragment size
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decreased the probability of metapopulation persistence. In addition, metapopulation persistence
also decreases when dispersal opportunity in simulated riverscapes is reduced from bidirectional
movement to only unidirectional movement (Jager et al., 2001; Fagan, 2002), which frequently
occurs when dams limit dispersal to a downstream-only direction. Allowing bidirectional
movement via the construction of fish passages, however, does not automatically increase
metapopulation persistence. Jager (2006a) found that upstream movement around barriers for a
white sturgeon metapopulation in a simulated riverscape was only beneficial if subsequent
downstream movement was restricted for larger fish (through screening) or allowed safe passage.
Similarly, the longitudinal positioning of long and short fragments interspersed among multiple
barriers may also impact the influence passage construction has on the persistence of simulated
metapopulations, with passageways generally being most beneficial when there is a long
segment of available habitat upstream of many barriers (Jager, 2006a,b). Finally, Jager et al.
(2001) found that as the number of impoundments in a simulated river network increased,
genetic diversity within theoretical white sturgeon populations eroded, simulating the genetic
impact impoundments may have on real-world populations. Modelling exercises such as these
provide hypotheses on how fish populations and communities will respond to different levels of

fragmentation.

10.6 Conservation challenges and opportunities

Different barrier types, fragment lengths, and traits of species create unique challenges for
conservation. Impoundments are perhaps the greatest hurdle in that they are expensive to
remove, have a large value to society (e.g., Sethi et al., 2004; Olden chapter), and might prevent
the spread of non-native species (Jackson and Pringle, 2010). Nevertheless, efforts such as the
Elwha Dam removal (Wunderlich et al., 1994), demonstrate that this is a feasible management
option, particularly for dams with limited function or in need of repair (e.g., Gregory et al., 2002;
Stanley and Doyle, 2003). Moreover, restoration efforts that reconnect isolated habitats have
generally been successful at improving fish populations (Roni et al., 2012), and a number of
studies show rapid colonization of former impoundment sites and upstream areas by migratory
and resident fishes following dam removal (e.g., Hart et al., 2002; Catalano et al., 2007).

Although dam removal is necessary for river restoration, logistical and societal challenges make
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it essential to prioritize the removal of dams (Hitt et al., 2012). Fortunately, there are an
increasing number of studies and options for prioritizing dam removal that conservation
organizations can draw from (Fullerton et al., 2010). If dam removal is not practical, increasing
connectivity through the construction of fish passage devices or mechanical movement of fishes

through barriers might be alternative management solutions (e.g., Walters et al., 2014).

The removal or modification of smaller barriers such as road crossing culverts and low-head
dams is much more feasible than for large dams (O’Hanley, 2011). Removing low-head dams
has been successful at increasing connectivity of habitats used by anadromous (Burdick and
Hightower, 2006) and potadromous (Hitt et al., 2012) species. The effects of poorly designed
road crossings on freshwater fish assemblages are well documented (Gibson et al., 2005) and
most prevalent in smaller, headwater streams characterized by greater slopes (Poplar-Jeffers et
al., 2008). Bridges across larger streams generally span the entire channel and are less likely to
cause fragmentation (see Perkin and Gido, 2012 supplemental material). The potentially large
number of roads crossing small streams creates a challenge in the sheer number of barriers in
need of renovation (Forman and Alexander, 1998). Similar to dam removal, a prioritization
scheme will be necessary to identify those barriers that cause the greatest extent of fragmentation
and therefore require renovation. To this end, metrics such as the DCI, as described above, are

potential tools for prioritizations (Cote et al., 2009; Fullerton et al., 2010).

An emerging problem with efforts to mitigate fragmentation is the trade-off that increasing
connectivity to reduce extinction risk of native species facilitates invasion by non-native species
(Fausch et al., 2009; Jackson and Pringle, 2010; Olden chapter). Conservation decisions will
have to balance the probabilities that non-natives will disperse into a system if barriers are
removed (Clarkson et al., 2012) and the predicted impact of those species (Rahel, 2013).
Understanding the latter is particularly complex, as many species invasions are benign, but some
are devastating (VVander Zanden et al., chapter). The most comprehensive examples of purposeful
fragmentation involve management and conservation of native and endemic inland trout species.
For these species, an important threat to persistence is competition and/or hybridization with
non-natives, usually introduced rainbow, brown, or brook trout (Fausch et al., 2009). To mitigate

this threat, an impassable barrier to upstream movement is typically constructed, followed by
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removal of non-native species (Novinger and Rahel, 2003; Fausch et al., 2009). Once non-
natives are removed, wild or hatchery-reared natives are repatriated to these fragmented,
renovated reaches. The management trade-off is that barrier construction excludes non-natives
but necessarily isolates the native population from gene flow, and thereby increases vulnerability
to extinction through stochastic demographic events, localized catastrophic disturbance, and
inbreeding depression (Roberts et al., 2013). This trade-off extends to co-occuring species, and
may disrupt production and linkages of energy and nutrient flow, which further disrupts local
fish abundance.

10.7 Future direction and challenges

Fragmentation alone has negative consequences for freshwater fishes, but isolating populations
and communities is intensified by other human-mediated disturbances such as increased intensity
of drought via climate change, poor water quality, and invasive species (Hoagstrom et al., 2011;
Cooke et al., 2012). Both conceptual and mathematical frameworks are available to assess the
consequences of fragmentation (e.g., Fausch et al., 2009; Padgham and Webb, 2010). Future
efforts to build on these conceptual frameworks should incorporate technological advances as
well as inclusion of other potentially important intrinsic and extrinsic factors influencing fish
communities. For example, technological advances in mapping aquatic habitats and quantifying
barrier permeability will help quantify structural connectivity in fragmented lakes, rivers and
streams (Chin et al., 2008; Park et al., 2008). However, it also will be important to test measures
of structural connectivity with empirical measurements of dispersal and ultimately population
persistence. Such measurements will be facilitated through advances in genetic analyses and
advanced tracking methods (e.g., Fraser et al., 2004; Winemiller et al., 2010; Gido and Jackson,
2010).

A potentially important, but understudied source of fragmentation is due to biotic factors that
inhibit or promote movement of fishes through natural or artificial corridors. Gilliam and Fraser
(2001) noted the pattern of reduced abundance of small fishes in mainstem habitats compared to
small tributaries might be caused by predator avoidance in the mainstem. Although predators

could fragment habitat for these smaller fishes, dispersal was dependent on intrinsic (body size)
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and extrinsic (water level) factors and suggested predation as an agent of fragmentation was
complex. More research is needed to identify the role of individual behaviour and biotic
interactions in fragmented systems. For example, the construction of instream barriers that alter
habitat upstream and downstream might attract predators that inhibit passage, even if the
structure itself is passable. The potential of fish-passageways to become “ecological traps” by
luring populations to unsuitable habitats needs to be evaluated so that facilities can be properly
constructed (Pelicice and Agostinho, 2008, Olden chapter). Although this is of particular concern
for impounded waters that create lentic habitats that provide habitat for large predatory fishes
(e.g., Gillette et al., 2005), concentrations of fishes below dams can also attract predators, such as
sea lions in costal drainages (Keefer et al., 2012). These indirect or unexpected consequences of

fragmentation certainly need to be considered when prescribing management recommendations.

Adverse effects of climate change on fish communities (see Heino chapter) also are exacerbated
by fragmentation because increases in disturbance frequency and altered thermal regimes will
shrink suitable habitat of fishes (Rahel et al., 1996), and barriers will impede movement or
escape from potentially inhospitable conditions. Moreover, in arid and semi-arid regions,
increased frequency of drying will force fishes downstream into impoundments where they have
to contend with lentic habitats and species. Identifying the constraints that climate change will

have on fragmented habitats is a necessary area of future research.

Finally, the evolutionary consequences of living in fragmented habitats are not well understood
because a number of factors (intrinsic and extrinsic) and forces (e.g., genetic drift, selection and
gene flow) are acting simultaneously to shape organism response to altered habitats and reduced
connectivity. Historically, the rate at which natural fragmentation reduced connectivity of
populations supported increased diversification in evolutionary time (Dias et al., 2012). Recent
fragmentation, however, has resulted in rapid loss of connectivity, causing decreased population
viability in ecological time and ultimately decreased diversity in evolutionary time. Reductions
in genetic diversity and dispersal constraints will create selective environments that are quite
different than in connected habitats. Smaller, less mobile individuals might have a selective
advantage over larger more mobile individuals (Bain and Wine, 2010). Trophic interactions

might change as individuals dependent on movement are unable to access foraging habitats (e.g.,
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oceans, large rivers) in a fragmented system. Similarly, reproductive ecology and migration
patterns of fishes are likely to change. Movement of migrant individuals will be highly
constrained and if there is a trade-off in reproductive success, those individuals might be selected
against in fragmented habitats. Comparative landscape genetic studies with multiple species
analysed simultaneously are rare for freshwater fishes, but the promise of this approach is well
appreciated (Wares, 2002; Urban and Skelly, 2006). One outcome is that intrinsic differences in
life history and ecology have important consequences for the distribution of genetic diversity in
space and time (e.g., Waples, 1987; Avise, 1992; Tibbets et al., 1996; Turner and Trexler, 1998;
Whiteley et al., 2004; Burridge et al., 2008) and that life history can interact with landscape
features to determine overall population structure within species (Neville et al., 2006) and
differences among species (e.g., Manier and Arnold, 2006; Turner et al., 2006). Current research
across species is beginning to identify traits that predict responses to fragmentation, but clearly

more research is needed to refine these predictions.

In conclusion, as the human population increases, the need to traverse aquatic habitats with
structures that potentially constrain movement of fishes will increase. Major strides have been
made to research and effectively design structures to allow dispersal of fishes (e.g., Stuart and
Mallen-Cooper, 1999; Pelicice and Agostinho, 2008). Given that the frequency of major dam
construction has declined in many countries, and that smaller barriers can be constructed to allow
fish passage, current conservation goals should begin a trend of restoring connectivity of aquatic
habitats on global, national and watershed scales. Additional advances have been put forward in
the literature to prioritize barriers for removal or renovation. These tools consider both the
location of barriers in a network of habitats, the permeability of existing barriers and the intrinsic
characteristics of the fish populations impacted by those barriers. These cumulative efforts can
inform natural resource agencies, but there are still large gaps in understanding the context in
which barriers influence dynamics of fish populations and communities. As with many
conservation problems, empirical data describing how barriers will influence natural populations
lags well behind theoretical expectations. Thus, researchers should embrace emerging
technological advances in conservation genetics and our ability to track fish movement to gather
critical data on habitat needs and responses of fishes to fragmentation. Using demographic and

genetic data in concert (e.g., genetic mark-recapture approaches; relatedness and behavioral
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ecology) offers great potential for synthesis and prediction of ecological and evolutionary
outcomes of fragmentation on fish populations and communities, and may help overcome

shortcomings of each method when used alone (e.g., Kanno et al. 2014).
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10.10 Topic questions

What intrinsic characteristics (traits) of species make them vulnerable to fragmentation?
What extrinsic characteristics of waterbodies (streams or lakes) influence how fragmentation
affects fish communities?

How do effect of natural barriers on fish communities compare to human-engineered barriers?
How do the effect of fragmentation on fish populations change when considered at ecological
and evolutionary time scales?

Are demographic or genetic responses more important predictors of long-term population
persistence following fragmentation?

Why does local species diversity of freshwater fish communities generally decline following
fragmentation? Are there scenarios where fragmentation can increase species diversity?
What factors might limit functional connectivity when structural connectivity is intact?

What potentially confounding effects, such as habitat degradation, are typically associated with

fragmentation?
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Figure 10.1. Conceptual model describing factors driving decline and extinction of species

following fragmentation. Both intrinsic and extrinsic factors can regulate the degree of isolation
following fragmentation. Small populations also are more prone to stochastic disturbance events
and low genetic diversity can reduce reproductive performance and the ability of a population to

adapt to altered conditions.
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Figure 10.2. A conceptual model of evolutionary response to fragmentation. Three parameters
are tracked in the model. The x-axis tracks increasing barrier permeability and the genetic
effective migration rate (m). The y-axis tracks fragment size and the genetic effective
population size (N.) of a fragmented subpopulation. Numbers in the lower right-hand corner of
each cell identify quadrants that facilitate discussion, but we envision a continuous gradient of m
and N as barrier permeability and fragment size increase. The selection coefficient (s) is tracked
in each quadrant. At maximum values of permeability and fragment size in quadrant 4, the
fragmented subpopulations approach panmixia. At minimum values in quadrant 1, fragmented
populations are subject to genetic drift and inbreeding. Diversifying natural selection across
subpopulations is predicted to be more likely in quadrant 3 because of low gene flow but large
Ne. Gene flow resists divergent selection in quadrant 4 unless the selection coefficient is very

large.
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Figure 10.3. Conceptual diagram illustrating use of patch-based graph theory to model fish
dispersal in fragmented lake-stream and stream networks. Lakes or the longitudinal length of
stream between confluences are considered as patches (Erés et al., 2011), which can be
converted into patch-based graphics assuming (i) homogeneous node and link resolution (i.e.,
nodes = circles of equal size, links = lines of equal character), (ii) homogeneous node resolution
and heterogeneous link resolution, (iii) homogeneous link resolution and heterogeneous node
resolution, and (iv) heterogeneous node and link resolution (Erés et al., 2012). Within patch-
based graphics, fish dispersal can be limited to local or network knowledge during simulations
using spatially explicit transition probabilities (Pyy) between patches (Padgham and Webb, 2010;
Neeson et al., 2011). Fragmentation is modelled by adjusting transition probabilities within
deterministic matrices to incorporate barrier location, barrier permeability, and node quality
(Padgham and Webb, 2010). For transition matrices, only transition probabilities and portions of

matrices associated with dispersal from node 1 are shown for brevity.
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Figure 10.4. Empirical examples of fish responses to fragmentation. These examples illustrate a
linear response to fragment length by fish communities in streams of New York (A; Bain and
Wine, 2010), a threshold response to fragment length by pelagic-broadcast spawning fish
communities in the Great Plains (B; Perkin and Gido, 2011), a linear response in the power to
detect effect of a barrier on fish dispersal across a range of permeability values (C; Pepino et al.,
2012), and an exhaustion-threshold (i.e., length a fish can swim at a given water velocity before
exhaustion) response by fish to the water velocity flowing through a barrier of particular length
(D; Neary, 2012).
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Figure 10.5. Conceptual models describing potential fish community or population responses to
changes in stream habitat connectivity. (A) Responses are strongest among watersheds
characterized by many barriers with low permeability and consequently small fragment sizes.
Alteration to community structure might be greater than expected based on the number of
barriers alone because fish interpretations of riverscapes result in threshold responses to (B)
fragment size or (C) barrier permeability. (D) In real-world riverscapes, low permeability among
many barriers contributes to smaller fragment sizes so that communities effectively respond to
barrier number, position (contributing to fragment size), and permeability.
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